Phytoplankton absorption and its dependence on the concentration of chlorophyll a (Chl-a), as represented by the Chl-a-specific absorption coefficient (a * φ (λ)), is important to support models of growth and for bio-optical remote sensing algorithms to retrieve Chl-a. The dynamics of the phytoplankton absorption coefficient (a φ (λ)) and a * φ (λ), and their dependencies on Chl-a, are described for Onondaga Lake, New York, over a 6-year period for which major changes in trophic state, Chl-a, and community composition occurred. Strong positive dependencies of a φ (λ) on Chl-a are reported for absorption peaks in both the blue and red spectral regions that are qualitatively similar to relationships for ocean waters but differ quantitatively. Average values of a , respectively, with coefficients of variation of 37 and 31%. Significant negative relationships between a * φ and Chl-a were observed for blue and green wavelengths that were qualitatively consistent with the influences of pigment packaging and the contribution of accessory pigments to absorption. The operation of these influences is demonstrated through various forms of data analysis that resolved the following significant relationships: (1) negative dependence of the ratio a φ (440):a φ (676) on Chl-a; (2) flattening of a φ spectra in the blue and increases at the red maximum, with increases in Chl-a; and (3) negative dependence of a φ (490):a φ (676) on Chl-a. Values of a * φ (440) and a * φ (676) obtained for Onondaga Lake are considered in the context of the limited population reported for other inland waters and selected marine systems.
at wavelengths of 440 and 676 nm were 0.0347 and 0.0171 m 2 mg −1
, respectively, with coefficients of variation of 37 and 31%. Significant negative relationships between a * φ and Chl-a were observed for blue and green wavelengths that were qualitatively consistent with the influences of pigment packaging and the contribution of accessory pigments to absorption. The operation of these influences is demonstrated through various forms of data analysis that resolved the following significant relationships: (1) negative dependence of the ratio a φ (440):a φ (676) on Chl-a; (2) flattening of a φ spectra in the blue and increases at the red maximum, with increases in Chl-a; and (3) negative dependence of a φ (490):a φ (676) on Chl-a. Values of a * φ (440) and a
Introduction
The total spectral absorption coefficient, a(λ) (m −1 ), an inherent optical property (IOP; i.e., independent of the geometry of the light field), is an important regulator of the underwater light field and the reflectance signal for remote sensing (Kirk 2011) . It is commonly partitioned into 4 additive components (a x (λ) (e.g., Prier and Sathyendranath 1981, Babin et al. 2003 ):
a(λ) = a φ (λ) + a NAP (λ) + a CDOM (λ) + a w (λ),
where these correspond, respectively, to contributions by phytoplankton (φ), nonalgal particles (NAP), colored dissolved organic matter (CDOM), and water (w) . In open ocean (Case 1) waters, a φ is dominant in the blue and green spectral regions, and a NAP and a CDOM generally covary (Morel 1988) . In contrast, in coastal and inland (Case 2) waters, the components of absorption (a x (λ)'s) are generally uncorrelated, and a φ (λ) is not necessarily dominant (Babin et al. 2003) . Phytoplankton absorption (a φ (λ)) and its dependence on the concentration of chlorophyll a (Chl-a), a key optically active constituent, has received substantial research attention to support models of phytoplankton growth and primary production (Lee et al. 1996) and bio-optical remote sensing algorithms to retrieve Chl-a (Binding et al. 2012) . This relationship has been widely considered in the context of a φ (λ) normalized by Chl-a, described either as a Chl-a-specific absorption coefficient or absorption cross-section of phytoplankton, denoted as a (λ) coefficients were usually assumed as constant in models for Case 1 waters through the early 1990s (Bricaud et al. 1995) . Wide variations in a * φ were reported in various Case 1 studies starting in the early 1990s (Bricaud and Stramski 1990 , Carder et al. 1991 , Hoepffner and Sathyendranath 1992 , Bricaud et al. 1995 .
Theoretical analysis (Morel and Bricaud 1981) and the results of large field studies for Case 1 systems (Bricaud et al. 1995 (Bricaud et al. , 1998 have provided insights into the origins of variability in a φ (λ) and a * φ (λ). Theory (Morel and Bricaud 1981 ) predicts a * φ (λ) decreases with increasing pigment package effects that occur with either (or both) increases in cell size or intracellular pigment concentrations. Moreover, flattening of a φ and a * φ spectra (e.g., diminished peak in the blue relative to green and red absorption) occurs from an increased package effect (Morel and Bricaud 1981) . Size varies with species composition, which in turn has a myriad of drivers (Reynolds 2006) ; however, it is generally recognized that the average cell size of the phytoplankton community increases with increased productivity (Ciotti et al. 2002 , Bricaud et al. 2004 , Uitz et al. 2008 .
Intracellular pigment concentrations also depend on species composition as well as various environmental conditions. For example, increases in these concentrations under conditions of reduced light are well known (Reynolds 2006) . Accessory pigments (photosynthetic and photo-protective) contribute importantly to absorption in the blue and green spectral regions but have minimal influence in the region of the red peak (Hoepffner and Sathyendranath 1993 , Stuart et al. 1998 , Bricaud et al. 2004 . Beyond the dependence on species composition, accessory pigment concentrations are generally observed to decrease with increasing levels of primary production (Bricaud et al. 1995 , Ciotti et al. 1999 . Variations in the package effect were reported to be more important than those of pigment composition in causing variability in a * φ (λ) in multiple marine studies (Stuart et al. 1998 , Lohrenz et al. 2003 , Bricaud et al. 2004 .
Empirical a * φ -Chl-a relationships developed by Bricaud et al. (1995) , based on a large population (n = 815) of Case 1 observations, have played a central role in providing context for subsequent related studies for other ecosystems (Babin et al. 2003 , Staehr and Markager 2004 , Yoshimura et al. 2012 . These empirical relationships have been acknowledged to have a great deal of scatter, or noise (Bricaud et al. 2004) . The applicability of Case 1 relationships for coastal waters has been questioned (Babin et al. 2003 , Lohrenz et al. 2003 . Generally, greater variability in the drivers, and thereby the a φ -Chl-a relationship, was anticipated for coastal waters (Babin et al. 2003 , Lohrenz et al. 2003 . Based on a large survey (350 stations) of coastal waters around Europe, Babin et al. (2003) reported a φ -Chl-a relationships of similar form, but with significant departures from the specific functionalities reported for open oceanic waters (Bricaud et al. 1995) . These a φ -Chl-a relationships have received even less attention for inland waters, but deviations from open ocean relationships are also a reasonable expectation for these complex ecosystems. While paired a φ and Chl-a measurements have been reported in multiple studies of inland waters (Rijkeboer et al. 1998 , Dall'Olmo and Gitelson 2005 , Binding et al. 2008 , Yoshimura et al. 2012 , these have often been temporally and spectrally limited, and population sizes have usually been comparatively small. Moreover, compelling a * φ -Chl-a, relationships have not emerged.
The limnological community shares the same ecological and optical interests in a * φ (λ) and its drivers. Multiple factors argue for the need for more comprehensive characterizations of a φ (λ) and a * φ (λ)-Chl-a relationships for inland waters, including (1) the evolution of remote sensing capabilities (spectrally and spatially); (2) recent initiatives for increased applications of remote sensing for inland waters (Lindell et al. 1999 , NASA 2008 ; (3) the limited available information; (4) the continued focus on Chl-a as a primary limnological and water quality metric for inland waters (Chapra 1997 , Cooke et al. 2005 ; and (5) the optical complexity of most inland waters (Kirk 2011) . The last factor is particularly noteworthy because the most viable empirical (Dall'Olmo and Gitelson 2005) and mechanistic (Binding et al. 2012 ) algorithm approaches for these systems rely on a * φ (λ) and would benefit from strong parameterizations of a * φ (λ)-Chl-a. Variability in a * φ (λ) and the a * φ -Chl-a relationship(s) is important because these translate to uncertainties in Chl-a retrievals (Bricaud et al. 1998, Staehr and Markager 2004) .
The overarching goals of this study are to advance characterization of a φ (λ), the a φ -Chl-a relationship, and a * φ (λ) to support remote sensing retrieval algorithms for inland waters. Data analysis approaches utilized in earlier Case 1 (Bricaud et al. 1995) and coastal studies (Babin et al. 2003, Staehr and Markager 2004 ) are adopted here to provide valuable context for our observations and tests of consistency. We address the dynamics of these characteristics for a single lake at multiple time scales (week-to-week, for 6 years), across a systematic change in trophic state, with strong changes in Chl-a and the phytoplankton community. The paper presents (1) characterizations of a φ (λ) and its dynamics, (2) evaluations of the relationships between a φ (λ) and Chl-a, (3) characterizations of the dynamics of a 
Methods

Study system
Onondaga Lake is an alkaline, hardwater, dimictic system located (43°06′54″N, 76°14′34″W) in metropolitan Syracuse, New York, USA. The lake has an area of 12.0 km 2 , a volume of 131 × 10 6 m 3 , and a maximum depth of 20 m. This lake flushes rapidly, ~4 times per year on a completely mixed basis, and thus responds rapidly to changes in external loading (Doerr et al. 1994) . The lake became severely degraded through the 20 th century from a combination of inputs of industrial and domestic wastes (Effler 1996) . Degradations included extreme manifestations of cultural eutrophication (Effler and O'Donnell 2010) . Major improvements in water quality, including metrics of trophic state, have been achieved in the last 25 years from the closure of an industry, increased treatment of domestic waste, and other rehabilitation measures (Effler and Matthews 2003, Effler and O'Donnell 2010) . Phytoplankton biomass levels in the lake have been influenced by food web (top-down) effects as well. Grazing by Daphnia in certain years caused intervals (1-4 weeks) of particularly low phytoplankton biomass and high clarity, as measured by the Secchi depth (Effler et al. 2008) , when populations of the planktivore Alosa pseudoharengus were low (Wang et al. 2010) .
Summer average conditions (perspective adopted by lake managers) for the common trophic state metrics of the epilimnetic concentrations (variable subscripted with an "e") of total phosphorus (TP e ; Fig. 1a ) and chlorophyll a (Chl-a e; Fig. 1b ; not available for 2004) and Secchi depth (SD; Fig. 1c ) for the 6 years of this study (2004) (2005) (2006) (2007) (2008) (2009) are presented. The substantial shifts over the study period were important portions of the longer-term changes in these metrics that documented the transformation of the lake from eutrophy to mesotrophic (Effler and O'Donnell 2010) . The most recent decrease in phosphorus loading from increased treatment was achieved starting in 2005, which was followed by further reductions through most of 2007. TP e decreased from ~80 µg L −1 in 2004 to ~20 µg L −1 in 2008 and 2009. Decreases in Chl-a e and increases in SD were also achieved; however, these patterns were somewhat uncoupled from TP e from varying top-down influences (Effler and O'Donnell 2010) .
The contributions of a x (λ) (x = water, CDOM, phytoplankton, nonalgal particulates) to a(440) were evaluated for the lake's upper productive waters for the [2004] [2005] [2006] [2007] [2008] period (Perkins et al. 2010) . The a φ component was the second largest contributor after a CDOM , representing 24-38% of the annual total absorption within that period. The protocols for determination of a φ (λ) were compliant with those specified for satellite ocean color calibration and validation activities (Mitchell et al. 2003) . Samples were filtered onto 25 mm diameter glass fiber filters (Whatman GF/F) under low vacuum for measurement of particulate absorption, a p (λ), and a NAP (λ). The a p (λ) spectra were measured according to the method of Lohrenz (2000) from absorbance measurements made at 2 nm increments over the 400-750 nm range using a dual beam spectrophotometer equipped with a 100 mm integrating sphere (Perkin Elmer, Lambda 18). Path length amplification corrections, to adjust for the effects of multiple scattering within the filter and between the filter and particles, were made according to Cleveland and Weidemann (1993) . This approach has the advantage of being developed from optical density spectra for multiple phytoplankton species instead of a single alga. The a NAP (λ) component was measured after pigment bleaching with sodium hypochlorite (Ferrari and Tassan 1999) . Values of a p (λ) and a NAP (λ) were adjusted to remove the effects of residual scattering, which elevated the spectra off the baseline-corrected absorbance values, by subtracting the average of measured values over the 740-750 nm range (Binding et al. 2008) where the absorbance curve had flattened out. The value of a φ (λ) was determined through a residual calculation:
Various analytical formats were adopted from the marine literature to support characterization of a φ (λ) and evaluation of a φ (λ)-Chl-a and a * φ (λ)-Chl-a relationships. The value of a * φ (λ) was calculated by normalizing measured a φ (λ) spectra by Chl-a. We adopted the a * φ (λ)-Chl-a relationships of Bricaud et al. (1995) for Case 1 waters to provide comparative context for our observations. To represent spectral shapes, selected a φ (λ) spectra were normalized by spectral mean values (<a φ >), calculated according to (Ciotti et al. 2002) : (3) where ∆λ = 2 nm. The package effect was represented by the dimensionless package index at a wavelength of 676 nm (Q * a (676)), where the absorption signature is almost entirely associated with Chl-a (Bricaud et al. 1995) . This index was represented as the ratio
where a 
Phytoplankton characterization
Sampling and analyses (PhycoTech) of the phytoplankton community were conducted in a parallel biweekly monitoring program at the same site. Usually this sampling was performed within 24 h of the weekly program. Samples were composites over the 0-6 m depth interval (by tube) and were preserved in Lugols iodine solution. Phytoplankton were identified to species when possible. Concentrations of total biovolume for each species were calculated by multiplying cell concentrations by individual biovolume. Chlorophyll a concentrations were determined by a different method for these samples (i.e., Chl-a′; Clesceri et al. 1998, Method 10200H2) .
The concentration of total biomass (B, wet, mg L −1 ) was calculated as the product of the sum of the estimates of biovolume concentrations (cm 3 L −1
) for the individual phytoplankton times the assumed density of 1 g cm −3 for algal cells. This community was partitioned into groups; the 6 noteworthy ones for Onondaga Lake were Bacillariophyta (diatoms), Chlorophyta (greens), Chrysophyta, Cryptophyta (cryptomonads), Cyanophyta (cyanobacteria), and Pyrrhophyta. Size representations here are in the form of spherical equivalent diameters (d s , in µm). The average d s values presented for individual monitoring days were weighted according to the estimated contributions of the individual species to the total biovolume on that day. The annual average d s is a temporal mean. To identify important genera and species, we set arbitrary thresholds of ≥25% contributions to B for 2 consecutive monitoring days ("dominant") and 1 day ("prominent"). The ratio Chl-a′:B was calculated as a potential metric of the cellular content of this pigment (e.g., a cm ). 
Results
Phytoplankton and Chl-a
Strong seasonal dynamics in B and phytoplankton composition were observed annually, as illustrated here for 2006 (Fig. 2a) and 2008 (Fig. 3a) . A spring maximum in B, dominated by diatoms, was a recurring feature. Secondary maxima in late summer and fall were mostly greens in 2006 (Fig. 2a) and Pyrrophyta or diatoms in 2008 (Fig. 3a) . Cryptomonads made noteworthy contributions throughout both years. Some indication of reduction in average B over the study period (Fig. 1d) is suggested, but the pattern is less compelling than those for the common trophic state metrics (Fig. 1a-c) . Noteworthy changes in composition over the 6-year period (Fig. 1e ) included (1) increased importance of diatoms to become the dominant group, (2) decreases in the contribution of greens, (3) near disappearance of cyanobacteria, and (4) increased contributions of Pyrrophyta and Chrysophyta. The changes in dominant and prominent species over the period of this study (Table 1) establish the phytoplankton community was in a state of substantial flux over its duration. The only recurring dominant species was Cryptomonas erosa (cryptomonads). The second most persistent important species was Diatoma tenus, which was dominant for a part of the spring bloom in 2005, 2006, and 2007. Strong temporal variations were also observed for d s within and between the years ( Fig. 2b and 3b ). The dynamics of Chl-a′ and B were not significantly correlated. Accordingly, wide variations in Chl-a′:B were observed in each of the years (e.g., Fig. 2c and 3c ). The annual coefficient of variation values (CVs) ranged from 44 to 78% for the 6 years. The maximum in mid-August of 2006 was during the B minimum (Fig. 2a) . Low ratio values were observed during the spring and fall diatom peaks of 2008 (Fig. 3c) . The highest Chl-a′:B observation of 2008 was again coincident with the an interval of low B (Fig. 3a) . No long-term pattern in Chl-a′:B emerged over the 6-year study (Fig. 1g) .
Strong dynamics in Chl-a were resolved by the weekly monitoring, with CVs ranging from 33 (2007) ; Fig. 3d ), and the broad spring peak was consistent with the extended diatom maximum (Fig. 3a) . Concentrations were particularly low in the August to mid-September interval of 2008 when Daphnia was present in substantial concentrations (unpublished data, Upstate Freshwater Institute). a φ (λ) and a φ (λ)-Chl-a relationships Two example a φ spectra of widely different magnitude, corresponding to 4-fold differences in Chl-a, are presented for 2006 (Fig. 4a) to illustrate recurring characteristics (e.g., a broad peak in the blue spectral region and a sharper secondary maximum in the red region, ~676 nm). More subtle features include "shoulders" at ~490 and 620 nm associated with accessory pigments. The shapes of these spectra are compared in the format of the a φ (λ):<a φ > ratio (Fig. 4b) , which depict a flattening in the blue and a portion of the green spectral regions for the case of the higher a φ and Chl-a. These shapes represent only a modest portion of the variations encountered over the 2006 study interval (Fig. 4c) .
Much greater variations throughout the green and at the secondary red maximum were manifested over that interval. Noteworthy variations were also evident among 4 days of diatom dominance (i.e., >70% of biomass) during the spring (Fig. 4d) , which suggest drivers other than simply phytoplankton group. While the blue and red peak values were correlated for the entire population of a φ (λ) measurements, substantial variations in this attribute of spectral shape (Babin et al. 2003) were observed (Fig. 4e) . The flattening effect of increasing Chl-a on a φ (λ) spectra was tested through linear least-squares regression analyses. Consistent (Bricaud et al. 1995, Staehr and Markager 2004 ) and significant (p < 0.001) decreasing and increasing dependencies were observed for a φ (440):<a φ > (Fig. 5a ) and a φ (676):<a φ > (Fig. 5b) , respectively, although these relationships were not particularly strong. Relationships in the green wavebands were not significant.
Dependencies of features of a φ (λ) on Chl-a observed for Onondaga Lake are compared to those derived from Case 1 functionalities developed by Bricaud et al. (1995;  identified as B95 here; Fig. 6 ), as included in the Babin et al. (2003) analyses of results for coastal waters. Strong positive dependencies of a φ on Chl-a were observed at the peak wavelengths of 440 (Fig. 6a ) and 676 nm (Fig. 6b) . The relationships were of similar form to B95 but were shifted to greater absorption per unit Chl-a. The deviation of the best fit relationship from B95 was smaller for 676 nm compared to that for 440 nm. Chl-a. These ratios were both shifted higher for Onondaga Lake compared to Case 1 conditions represented by B95 ( Fig. 6c and d) .
Substantial temporal variations in a φ (440), a φ (676), and a φ (440):a φ (676) were observed within each of the study years, as illustrated for 2006 (Fig. 2e and f) and 2008 (Figs. 3e and f) . These were qualitatively consistent with the dependencies on Chl-a (Fig. 6b) , although the correspondence with the details of the Chl-a dynamics (Figs. 2d  and 3d) is imperfect, as reflected in the substantial 676 nm was within the 10% confidence limits of B95 (as presented by Babin et al. 2003) , while that for 440 nm was well above that bound. The ratios, a φ (440):a φ (676), an accepted metric of spectral shape, and a φ (490):a φ (676), an indicator of the relative absorption by carotenoids (dominant at 490 nm; Hoepffner and Sathyendranath 1991), both demonstrated negative dependencies on Chl-a ( Fig. 6c and d) . Linear least-squares regression fits of the log-transformed data explained 41 and 27% of the variations of these ratios, respectively, from variations in variances in those relationships. The linkage between a φ (440):a φ (676) and Chl-a is more difficult to identify in the detailed time series. Four-fold temporal differences in a φ (440) were measured in 2006, and more than 3-fold in 2008. Nearly 2-fold differences in a φ (440):a φ (676) were observed in both years. Substantial and highly significant (p < 0.001) changes in the magnitude of a φ at the absorption peaks of 440 and 676 nm (Fig. 1h) and spectral shape, according to a φ (440):a φ (676) (Fig. 1i) , occurred over the study period. Annual a φ (440) and a φ (676) averages decreased more than 2-and 3-fold, respectively, over the 6-year study. The annual average a φ (440):a φ (676) increased ~25% over that period. (Fig. 7a) . Values were higher, on average, in the blue portion of the spectrum in 2008, but were quite similar in the red. Substantial temporal variability was manifested throughout the spectral range in these 2 years ( Fig. 7b and  c) as well as in the other 3 years ( Fig. 1 ; indicated by the ±1 standard deviation bounds). The spectral character of this variability was not recurring, as illustrated in the comparison of the CV spectra for the 2 years (Fig. 7d) (Fig. 3g ) when diatoms dominated (Fig. 3a) . On an annual average basis, a * φ (676) remained nearly uniform over the 2005-2009 period (Fig. 1j) . The apparent increasing trend in a * φ (440) over that interval (Fig. 1j) was not significant at the 5% level (p = 0.114).
The potential dependency of a * φ (λ) on Chl-a was evaluated in a power-law format, according to Bricaud et al. (1995) . The relationship for a * φ (440) demonstrated a decreasing trend with increases in Chl-a (Fig. 8) (Morel and Bricaud 1981) . These analyses were conducted for the subset of observations for which samples for the 2 programs were collected within 24 h of each other. No noteworthy relationships were found from these analyses. More than 95% of the Q * a (676) estimates were <1.0, consistent with theory (Morel and Bricaud 1981) , but no strong dependence on Chl-a was observed. (Fig. 9a) and a * φ (676) (Fig. 9b) 
Discussion
Study context
The population of lakes for which a * φ (λ) and its variability has been reported remains small (Table 2) . Valuable attributes of our study that complement the literature in this regard include (1) its focus on dynamics, extending from seasonal to multiple years; (2) changes of trophic state during the study; and (3) the availability of parallel microscopic characterizations of the phytoplankton community. Most of the lake data from the literature are results of spatial surveys, sometimes including multiple systems (Table 2 ). An exception is the study of Lake Kasumigaura, Japan (Yoshimura et al. 2012) , which included seasonal coverage of multiple sites.
Values of a * φ at or near the red peak have most often been reported for inland waters. The average a φ values for this peak were <0.0334 m 2 mg −1 for 7 of the 8 listed lake studies (Table 2) ) is representative because that would be an upper bound (e.g., no package effect) value. The variability in a * φ (676) observations, where it has been reported, has been substantial in all cases, with CVs ranging from 23% (Rijkeboer et al. 1988 ) to 58% (Binding et al. 2008) .
Larger lake-specific differences were observed for a * φ (440) ( Table 2) . The values were much higher for Lake Taihu in China (0.056 m 2 mg −1 ), and particularly Lake Erie in the Laurentian Great Lakes (0.086 m 2 mg −1
). Cross-sections included here for marine waters are limited to 2 studies for comparison ( Table 2 ). Both of these (Bricaud et al. 1995, Staehr and Markager 2004) , approximately equal to the contemporary spring to fall average for Onondaga Lake. The a * φ (440) value from Bricaud et al. (1995; B95) for Case 1 waters is the lowest listed ( Table  2 ). The other 3 marine values are within the lower portions of the ranges for inland waters. The systematically higher average a * φ (440) values for inland waters compared to B95 could be mediated by smaller cell sizes, greater a cm , or higher concentrations of accessory pigments, or combinations of these (Stuart et al. 1998 , Lohrenz et al. 2003 . Onondaga Lake d s observations (Fig. 1f) are not consistent with such a size effect, although higher accessory pigment content (a φ (490):a φ (676); Fig. 6d ) is indicated.
The negative relationship observed between a φ (440):a φ (676) and Chl-a (Fig. 6c) for Onondaga Lake is an accepted indicator (Babin et al. 2003) of the effects of decreases in accessory pigment concentration and increased package effect as Chl-a increases. The reported decreases in a φ (440):<a p > ( Fig. 5a ; flattening) and increases in a φ (676):<a φ > (Fig. 5b) with increases in Chl-a are also qualitatively consistent with observations reported by Bricaud et al. (1995; their figure 7a ) and theoretical calculations of the implications of the package effect (figure 2 in Morel and Bricaud 1981) . Such interpretations rely on the covariation of increasing cell size and/or a cm , and decreasing accessory pigments, with increasing Chl-a (Bricaud et al. 1995, Ciotti et al. 2002 , Babin et al. 2003 , Lohrenz et al. 2003 . While no strong coupling between a metric of the package effect, Q * a (676), and Chl-a was manifested, substantial variability of this effect was indicated. Although Bricaud et al. (1995) reported a clear trend in such an analysis, they acknowledged substantial scatter.
On a quantitative basis, the conditions documented for Onondaga Lake deviated substantially from the B95 relationships (Figs. 6 and 8) , as well as those reported by Staehr and Markager (2004) . Despite the limited population of observations for lakes (Table 2) , these quantitative deviations of inland waters from marine systems seem to be common. Moreover, the extent to which strong a * φ (λ)-Chl-a relationships prevail and the range of their applicability remain issues, even for Case 1 waters. Decreases in a * φ with increasing Chl-a have been reported in multiple marine studies (Yentsch and Phinney 1989 , Bricaud et al. 1995 , Cleveland 1995 , Ciotti et al. 1999 , Staehr and Markager 2004 ; however, the extent to which significant and strong a * φ (λ)-Chl-a relationships should be observed is not established and seems influenced by the array of system-specific characteristics. Even those studies reporting noteworthy a * φ -Chl-a relationships have been careful to emphasize the great deal of accompanying variance (Bricaud et al. 1995 (Bricaud et al. , 2004 .
Not all Case 1 and coastal studies have supported such relationships. For example, Hoepffner and Sathyendranath (1992) observed no significant dependency of a * φ (440) on Chl-a for the Gulf of Maine and Georges Bank. Carder et al. (1991) suggested region-specific a * φ (λ)-Chl-a relationships for Case 1 waters. Bricaud et al. (2004) reported systematic deviations for some ocean areas and also seasonally within certain areas. Matsuoka et al. (2011) reported seasonal variability in a * φ (λ) for western Arctic waters. Our a * φ (λ) relationship (Fig. 8) was not as strong as those reported by Bricaud et al. (1995) or Staehr and Markager (2004) . The smaller range of Chl-a encountered for Onondaga Lake (1 vs. 3-4 orders of magnitude) compared to these surveys may have contributed to these differences. The Onondaga Lake relationship was stronger than reported for Lake Kasumigaura (r 2 < 0.16, spectrally; Yoshimura et al. 2012) , the only other lake for which such a relationship was reported. Given the above conflicting observations, study performance should probably not be linked to the strength of such relationships.
Taxonomic and physiological variations were likely important drivers of the variations in a * φ reported here for Onondaga Lake, which may be large relative to conditions in most Case 1 systems. Nutrient availability is known to influence cellular pigment concentrations (Reynolds 2006) . Beyond the large seasonal changes experienced in nutrient availability and related growth in mesotrophic and eutrophic lakes (Wetzel 2001 ), this lake experienced major systematic changes within the study period from management actions ( Fig. 1a-c ; Effler and O'Donnell 2010) . The parallel detailed taxonomic information (Fig. 1e, 2a , and 3a; Table 1), rarely available in such studies, established the highly dynamic character of the lake's phytoplankton community at multiple time scales. The absorption per unit chlorophyll a (Johnsen et al. 1994) , as well as d s and chlorophyll content (i.e., a cm ), varies according to species. Temporal variations in d s were documented and extensive variability in cellular chlorophyll a content (as Chl-a′:B) was indicated (Fig. 1g,  2c, and 3c) . The potential dependencies of a * φ (λ) on d s and Chl-a′:B, consistent with theory (Morel and Bricaud 1981) , should be revisited when truly paired measurements of a * φ (λ) and the phytoplankton community become available for this lake.
Uncertainties, implications, and recommendations
Potential variation in the pathlength amplification factor and its imperfect representation is a widely acknowledged, but usually unquantified, source of uncertainty in the measurement of a p and a NAP , and thereby the determination of a φ (Allali et al. 1997 , Tassan and Ferarri 1998 , Tassan et al. 2000 , Lohrenz et al. 2003 . Utilization of the array of alternatives to represent this factor (Mitchell et al. 2003) can produce substantially different results (Allali et al. 1997) . Bricaud et al. (1995) attributed a portion of the variability in their Q * a (675) versus Chl-a relationship to the uncertainty in the pathlength amplification factor. Tassan and Ferarri (1998) described this uncertainty as the largest source of error that affects these measurements, although quantitative limits were not provided.
The effects of variable minerogenic particle concentrations, conditions that occur in Onondaga Lake (Effler and Peng 2012) , probably exacerbate the problem (Tassan et al. 2000) . Minerogenic particles play a more important role in Case 2 systems compared to Case 1 waters (Bowers and Binding 2006) . Wide variations in minerogenic particle content are common to many inland (Dall'Olmo 2005 , Peng and Effler 2010 , Effler and Peng 2012 and coastal waters (Bowers and Binding 2006, Woźniak et al. 2010 ). An alternate method (transmittance-reflectance) for particle absorption measurements has been demonstrated for which reduced uncertainty has been reported (Tassan et al. 2000) . The character of the minerogenic particle assemblage of this lake (dominance by clay minerals; Effler and Peng 2012) , together with the determination of a φ as a residual (= a p − a NAP ), may limit interferences by these particles because they are expected to be unaffected by the adopted sodium hypochlorite treatment. Moreover, paired instrumental in situ measurements of a (440) (440)) elsewhere, based on the same laboratory and calculation protocols adopted here .
Differences in laboratory and calculation protocols have contributed to the differences in a * φ (λ) reported in the various studies of inland waters (Table 2 ). These included differences in the (1) chemical used for bleaching (pigment removal) the particle population, (2) adopted pathlength amplification factor, and (3) adopted method to determine Chl-a or total chlorophyll (TChl; Table 2 ). The only studies that adopted the same methodologies were this work and another study conducted by the authors on the Laurentian Great Lakes . Three different pathlength amplification factors were adopted, although the most often applied (n = 4) was the Cleveland and Weidemann (1993) approach used here. The most divergent of the methodologies used in these studies, however, were for Chl-a; none of these coincided (with the exception of the authors' 2 works). These differences included various extractants, spectrophotometric versus fluorometric measurements, and representation of pigment concentrations as TChl or Chl-a. None of the studies for inland waters adopted the high-pressure liquid chromatography (HPLC) technique that is the contemporary standard. The effects of the above methodology differences in contributing to the indicated system-specific differences in a * φ (λ) ( Table 2 ) remain unquantified; a related analysis is recommended.
Converging values of a * φ (λ) for many lakes would be an attractive feature for models and remote sensing retrieval of Chl-a with semi-analytical remote sensing algorithms (Binding et al. 2012) , enabling specification of these key inputs with a single set of values; however, such a simplified approach is not supported by the available information from different lakes ( Table 2) . Values of a * φ have been more unified for the red maximum than the blue and are supported by more observations. Regardless, for other than "screening level" applications (i.e., those with only coarse resolution goals), system-specific determinations of a ) is perhaps a reasonable representation for screening level analyses.
The uncertainty levels for a * φ (λ) for Onondaga Lake, represented by the CV (Fig. 9) , compare favorably to those for other lakes (Table 2 ) but translate to noteworthy uncertainty in associated Chl-a estimates possible from remote sensing inversions. Moreover, we found no stratification schemes that reduced the uncertainty or changed the average values of a * φ significantly. The effect of this uncertainty is depicted by horizontal bands on the time-series of Chl-a observations for 2006 (Fig. 2d) and 2008 ( Fig. 3d) , centered at the study interval average values of each year (16.1 and 6.7 µg L −1 , respectively). Thickness of the bands correspond to uncertainty bounds of ±1 standard deviation at 676 nm. The band thickness relative to the ranges of observations are substantial for both years, establishing the limitations for resolution of temporal patterns in Chl-a within individual years associated with the uncertainty (variability) in a * φ (λ). Accordingly, only seasonal extremes could be resolved with reasonable confidence. Resolution of the larger long-term changes could be done with greater confidence. The indicated level of uncertainty represents a best case, which does not include other sources of uncertainty in retrieval of Chl-a via semi-analytical algorithm approaches, such as atmosphere corrections and the estimation of a and partitioning according to a x (Binding et al. 2012 , Mouw et al. 2013 ).
Populations of a * φ (λ) for inland waters remain small (Table 2) to support initiatives for remote sensing of Chl-a in these systems. Given the differences reported to date, system-specific characterizations should be conducted for those lakes targeted for such retrievals. These studies need to be sufficiently robust to establish objective uncertainty limits for a * φ (λ), consistent with establishing realistic retrieval goals in time and/or space. The extent of divergence among lakes for this fundamental attribute needs to be revisited following (1) the establishment of a unified set of measurement and calculation protocols tested for a wide range of systems, and (2) the execution of a larger scale program (more test lakes) that adopts the unified protocols. If substantial system-specific differences persist, these should be grouped according to cases, ideally associated with ecological or optical conditions, which could be integrated into a "look-up table" along with coefficients for other optically active constituents to support robust retrieval capabilities for many lakes.
